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ABSTRACT

As natural forest ecosystems increasingly face pressure from deforestation, it is ever more important to understand the impacts of habi-
tat fragmentation and degradation on biodiversity. Most studies of anthropogenic change in the tropics come from Southeast Asia and
South America, and impacts of habitat modification are often taxon-specific. Here we empirically assessed the impact of habitat frag-
mentation and recent (within 25 yr) and historic (>25 yr ago) selective logging on the diversity of ants in the Kakamega rain forest in
western Kenya, and asked whether these forms of degradation interact as multiple stressors. We found that the severity of recent selec-
tive logging was negatively related to overall species richness and abundance as well as the richness and abundance of forest specialists,
but found no detrimental effect of past selective logging or habitat fragmentation on ant diversity, although habitat fragment size was
correlated with estimated species richness. There was also no effect of any form of habitat degradation on the richness or abundance of
open habitat specialists, even though these species often exploit niches created in disturbed environments. Ultimately, this study reveals
the detrimental impact of even moderate forms of habitat degradation on insect biodiversity in the understudied African rain forests.
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THE LARGEST DRIVER OF BIODIVERSITY LOSS across the globe is
habitat loss due to anthropogenic activity (Morris 2010, Laurance
et al. 2014, Barlow et al. 2016). Understanding the consequences
of this loss is a critical goal of conservation ecology, particularly
in light of the important role that biodiversity plays in the stability
and functioning of ecosystems (Hooper et al. 2005). Habitat frag-
mentation occurs when continuous habitats are split by roads, the
expansion of settlements, agricultural land or similar dispersal
barriers (Edwards et al. 2017). Within habitats, human modifica-
tion of the abiotic or biotic environment can also reduce habitat
quality, leading to changes in the structure and composition of
biological communities (Morris 2010, Tylianakis et al. 2010, Gib-
son et al. 2011, Koerner et al. 2017). Selective logging is one such
form of habitat degradation, whereby specific trees are targeted
for extraction based on some pre-defined condition, resulting in
a patchy removal of trees within habitats (Broadbent et al. 2008,
Woodcock et al. 2011).

Habitat fragmentation and selective logging have frequently
been shown to reduce biodiversity across a range of taxa (Hey-
don & Bulloh 1997, Ewers et al. 2015, Hamer et al. 2015, Ross
et al. 2017). Yet these relationships may not be so one-dimen-
sional; in some cases, habitat fragmentation and selective logging

have been found to have neutral or even positive relationships
with certain components of biodiversity, particularly after a recov-
ery time of several decades (Azevedo-Ramos et al. 2006,
Gunawardene et al. 2010, Edwards et al. 2013). This might be
because ecosystems rarely face just one source of disturbance,
and are often subject to multiple stressors that compound the
effect of individual drivers on biodiversity (Laurance & Useche
2009, Barlow et al. 2016). Indeed, historic pressures may leave a
footprint on biodiversity, even long after they cease (Dunn 2004,
Gunawardene et al. 2010), but current conditions may be more
critical in the structuring of ecological communities than such
legacy effects (Edwards et al. 2012). Determining the degree to
which these kinds of pressures interact as multiple stressors can
help further elucidate the complex relationships between biodiver-
sity and anthropogenic activity in an increasingly degraded world
(Piggott et al. 2015).

These complex relationships may be better understood when
breaking down communities into groups of species. For example,
the response of habitat specialists may be different to that of gen-
eralist species, especially in cases of forest clearance, where forest
specialists may lose niche space which can subsequently be
exploited by generalists or open habitat specialists, often from
outside the regional species pool (Farwig et al. 2008, Edwards
et al. 2013, Morante-Filho et al. 2016). Discerning the degree to
which different components of biodiversity are equally affected
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by anthropogenic disturbance is therefore of interest when infer-
ring community- or ecosystem-level responses to such distur-
bance (McIntyre & Lavorel 1994).

In this study, we empirically assessed patterns of ant diver-
sity and abundance in an East African rain forest facing different
levels of habitat fragmentation and degradation by past and
recent selective logging. Ants (Hymenoptera: Formicidae) are a vital
component of many terrestrial ecosystems, often comprising a
large proportion of the total biomass of a system, and they are
key indicators of ecosystem processing and functioning (Folgarait
1998, Andersen & Majer 2004, Dunn 2004). They also often
make an important contribution to the establishment and struc-
ture of ecological communities through their role as ecosystem
engineers (Philpott & Armbrecht 2006, Peters et al. 2013). Here
we assess how habitat fragmentation and selective logging influ-
ence the taxonomic diversity and abundance of ants, as well as
the diversity and abundance of forest versus open habitat special-
ists, to discern the degree to which compounded pressures may
influence different elements of ant communities (Edwards et al.
2012).

METHODS

STUDY SITE.—Sampling took place in the Kakamega forest, a
mid-altitudinal rain forest in western Kenya (Fig. S1—Online
Supplementary Material), from May 2007 to August 2008. Forest
fragments are surrounded by a densely populated agricultural
matrix consisting mainly of structurally diverse subsistence farm-
land supporting maize, sugarcane and tea crops, as well as grass-
land, bush vegetation and young regrowth forest in some areas
(Peters et al. 2009, Schleuning et al. 2011). The Kakamega forest
has been intensively exploited by local communities,

predominantly for firewood and timber, as well as through indus-
trial logging operations, resulting in a reduction of forest area
from ~25,000 ha at the end of the nineteenth century to
~12,000 ha in 2001 (Brooks et al. 1999, Mitchell et al. 2004,
Mitchell & Schaab 2008). This exploitation has consisted mainly
of illegal logging and timber extraction by a variety of groups,
without any specific silvicultural techniques being used to reduce
damage to surrounding vegetation (Bleher et al. 2006), and has
persisted despite varying levels of protection since the 1930s
(Blackett 1994, Espira 2001). All parts of the forest have been
either historically logged (>25 yr before our study), or have been
selectively logged in recent years (Mitchell et al. 2004). So Kaka-
mega forest consists of a mix of disturbed primary forest and
secondary forest which is either currently being exploited or not.
At the time of sampling, the forest was highly fragmented, with a
main forest patch of ~8245 ha and six surrounding forest frag-
ments of varying size (see Table 1). All forest fragments are
thought to have been isolated from the main forest patch for at
least 35 yr (Mitchell & Schaab 2008) and are situated at eleva-
tions ~1550–1680 m above sea level.

SAMPLING METHODS.—At each site, one 200-m sampling transect
was established, resulting in six transects within the main forest
patch, and one each in the remaining six forest fragments
(Fig. S1—Online Supplementary Material; Table 1). Each transect
included 20 sampling positions separated by 10 m, and all started
at least 50 m away from any trail, road or other contiguous habi-
tat to minimize the influence of edge effects (Broadbent et al.
2008), although we note that the impact of edge effects is
expected to be further reaching in smaller habitat fragments
(Bradshaw 1992). To sample ant communities, a combination of
pitfall trapping and leaf litter extraction techniques was applied

TABLE 1. List of 12 study sites and environmental variables in Kakamega forest. Sites are listed by name and have been assigned a Site ID (in brackets) which corresponds to the data

in Fig. 1. Main/Fragment indicates whether a study site is part of the main forest patch or a smaller forest fragment. Fragment size represents the area of each forest

fragment in ha. Minimum, mean and maximum distances to the main forest represent the distance of each fragment to the main forest in km (see Fig. S1—Online

Supplementary Material); hence, there are no data for the sites which are part of the main forest patch. Past and recent selective logging indicate the number of trees logged/ha

over 25 yr before the start of the study (past logging) or within 25 yr prior to the study (recent logging). For corresponding biodiversity variables, see Table S1—Online

Supplementary Material.

Site name (Site ID) Main/Fragment Fragment size (ha)

Minimum distance

to main forest (km)

Mean distance to

main forest (km)

Maximum distance

to main forest (km)

Past Selective

logging (trees/ha)

Recent Selective

logging (trees/ha)

Buyangu (A) Main 8245 – – – 5 4.1

Colobus (B) Main 8245 – – – 2.9 2.3

Isecheno I (C) Main 8245 – – – 0 12.5

Isecheno II (D) Main 8245 – – – 0 9

Mwanzu (E) Main 8245 – – – 2.9 2.3

Salazar (F) Main 8245 – – – 2 0

Ikyuwa (G) Fragment 1370 0.9 0.9 1.1 3.5 33.5

Kaimosi (H) Fragment 65 6.3 6.7 7.1 0 30

Kisere (I) Fragment 420 0.7 1.6 2.1 1.9 8.5

Malava East (J) Fragment 113 5.1 5.4 6.6 3.8 5.4

Malava West (K) Fragment 77 5.3 5.7 6.7 2.6 3.7

Yala (L) Fragment 1178 1.8 2.1 2.7 1.3 1.5
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since these methods together have been shown to effectively pro-
duce an unbiased sample of leaf litter and ground ant communi-
ties (Fisher 1999). Pitfall traps were placed on all sampling
positions 5 m away from the transect. Pitfall traps were filled
with 99 percent ethanol and after 7 d of operation all captured
ants were collected. At every second sampling position, on the
other side of the transect line, a 1 m² leaf litter sample was col-
lected, sifted and transported for Winkler extraction following
Bestelmeyer et al. (2000). Winkler samples were left to dry for
7 d in storeroom conditions.

Sampled ant material was processed following Lattke (2000).
Identification effort was substantial in order to provide high taxo-
nomic resolution for analysis. All mounted worker specimens
were identified to genus level using Bolton (1994). Species-level
identifications were performed using taxonomic literature for gen-
era that had received a modern revision (see Hita Garcia et al.
2009, 2013, Fischer et al. 2012). For genera without an updated
taxonomy, the sampled material was compared with reference
and type material from the collections in natural history museums
in London, Geneva, Los Angeles and San Francisco. If species
identification was not possible, then specimens were sorted to
morphospecies on the basis of external morphology. Additional
hand-collected material allowed better assessment of intraspecific
variation, such as polymorphisms and minor color variations, to
avoid an artificially high number of poorly sorted morphospecies.
Voucher specimens of all species listed in this study are deposited
in the Hymenoptera collection of the Zoological Research
Museum Alexander Koenig, Bonn, Germany.

ENVIRONMENTAL VARIABLES.—The environmental variables
included in this study were forest fragment size and past and
recent logging activity. Forest fragment sizes are taken from
Peters et al. (2009) and were derived from on-screen visual inter-
pretation of a Landsat-ETM7 satellite image, with digitizing and
subsequent area calculations for the gained polygons all being
performed in ArcGIS 8 (Esri, Redlands, California, U.S.A.). For
the best distinction of forest types, a combination of the spectral
bands 5/4/3 was used and contrast enhancement was included
to improve the distinction between diverse forest formations.
Mature forest was separated from the background that comprised
of agricultural land, grassland and younger forest formations and
plantations. Fragment size was included as a log-transformed
continuous variable, but note that fragment size was identical for
all six sites within the main forest patch. Yet these main forest
sites are reasonable replicates considering the main forest patch is
heterogeneous in structure, consisting of a mix of primary and
secondary forest and because distances among sites within the
main forest were rather large (see also Schleuning et al. 2011).

Both historic and recent selective logging activity were con-
sidered here to determine the extent to which biodiversity
changes result from current or legacy effects (Vanderwoude et al.
2000, Gunawardene et al. 2010, Edwards et al. 2012). First, we
used data on the past extent of selective logging in each site
obtained from Bleher et al. (2006); disturbance surveys from
2002 to 2003 distinguished historic versus recent logging activity

based on decomposition and shape of remaining stumps (see also
Mutangah 1996). This allowed for measures of past logging, i.e.,
logging activity which occurred more than 25 yr prior to our
study, and recent logging, i.e., logging activity occurring within
25 yr of our study. Hence, we used data on past extent of selec-
tive logging as the number of trees per hectare that had been
logged more than 25 yr before our study. Second, we used data
on recent logging activity as the number of trees that had been
logged within 25 yr of the beginning of our study (Bleher et al.
2006). The extent of historic selective logging varied among sites,
but was generally small (mean = 2.2 trees/ha � 1.6 S.D.),
whereas recent logging activity appears more intense in many
cases, although there are considerable differences between sites
(mean = 9.4 trees/ha � 11.1 S.D.). Indeed, these between-site
differences have been shown to reflect differences in the manage-
ment regimes of sites (Bleher et al. 2006), with many of the well-
protected sites having lower logging intensity in recent years than
historically. All environmental variables are provided in Table 1.

BIODIVERSITY MEASUREMENT.—Patterns of ant taxonomic diversity
were analyzed using empirically observed species richness, calcu-
lated expected species richness and total abundance across all
species in the study, as well as the observed richness and abun-
dance of forest habitat specialists, and of open habitat specialist
species found across our sites (see Table S1—Online Supple-
mentary Material for a list of biodiversity values across sites).
We measured observed species richness as the total number of
species sampled for a given site (transect) after processing 20
pitfall traps and 10 Winkler samples per site. As empirically
observed species richness often represents only a biased subsam-
ple of the real community composition found in nature (Longino
2000), we calculated expected species richness for each site using
the Chao2 method in EstimateS (Colwell 2009, Table S1—
Online Supplementary Material) since this is an incidence-based
estimator—i.e., capable of handling presence/absence data—
which has on several occasions been shown to have low bias
compared to other species richness estimators through empirical
comparisons (e.g., Colwell & Coddington 1994, Walther & Mor-
and 1998).

Measuring ant abundance is often problematic because in
the wild, strong spatial aggregation due to the eusocial nature of
ant species results in sampling methods often collecting colonies
or colony parts (Gotelli et al. 2011). This can lead to a misrepre-
sentation of community composition and relative abundance
(Longino 2000). To avoid this problem, we calculated ‘abundance’
as the frequency of species occurrence at the 20 sampling loca-
tions per transect, such that species can have abundance values
between 0 and 20. The abundances—i.e., occurrence frequencies
(0–20) along the transect—of all species found at each site were
summed to produce overall ant abundance per site, with a pres-
ence of a species in a pitfall and/or Winkler sample counting as
a single occurrence for those sampling points measured by both
techniques. These biodiversity measures were taken first for all
ant species identified in the study (N = 106), then for two sub-
sets of data.
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The species data for this study represent a subset of a signif-
icantly larger dataset based on an intensive sampling inventory of
the local ant community undertaken from 2001 to 2010. Ants
were collected from all habitats and microhabitats by different
leaf litter sifting (1000+ Winkler samples), pitfall trapping (2000+
traps), canopy fogging (200+ trees), above-ground baiting (tuna,
honey, insects), subterranean baiting (oil and fat) and numerous
hand collections events. Using these data (see Table S2—Online
Supplementary Material), we were confidently able to classify spe-
cies as either habitat generalists or specialists—primarily being
associated with either forest or open habitats. The first subset we
considered included only species which occurred predominantly
or solely in forest habitat, herein termed ‘forest specialists’
(N = 90). Second, we measured the richness and abundance of
‘open habitat specialists’ (N = 12)—defined here as species which
had been previously sampled mainly or exclusively in agricultural
sites or open habitats—since open habitat specialism is in some
cases synonymous with disturbance exploitation specialism (e.g.,
Hoffmann & Andersen 2003). We then tested the effect of our
environmental variables on biodiversity measures of these three
groups: all species, forest specialists and open habitat specialists
(see below).

STATISTICAL ANALYSIS.—All analyses were performed in R v. 3.3.2
(R Core Team, 2016) using the packages MASS (v. 7.3-45; Ven-
ables & Ripley 2002) and Vegan (v. 2.4-2; Oksanen et al. 2017).
We fit generalized linear models (GLMs) to evaluate which fac-
tors best predicted the following response variables: observed
species richness (S), expected species richness (E), total ant abun-
dance (N), forest specialist species richness (SF), forest specialist
species abundance (NF), open habitat specialist species richness
(SO) and open habitat specialist species abundance (NO). As data
values were generally high, model residuals were normally dis-
tributed and variances appeared to be homogeneous, so a Gaus-
sian rather than a Poisson error distribution was used in all
GLMs to model the data. For each of our diversity estimates, we
tested GLMs with combinations of the predictor variables habitat
fragmentation and intensity of past and recent selective logging.
Stepwise model selection was performed by dropping terms from
an initial model with a three-way interaction between habitat frag-
mentation and the two measures of logging activity. Minimum
adequate models (MAMs) were identified using Akaike’s informa-
tion criterion with small sample correction (AICc). AICc is based
in information theory and evaluates models based on model fit
and model complexity; when comparing a series of models, the
one with the lowest AIC value is considered the best (Burnham
& Anderson 2004). Significance of model terms included in the
MAM was assessed using likelihood ratio tests (LRTs) when
terms were dropped from the model. Significance of all other
terms was assessed by adding terms to the MAM. Spearman’s
rank correlation coefficients, chosen for conservativeness, were
calculated for all combinations of predictor variables to test for
covariation. If correlation coefficients were between �0.5 and 0.5
for two predictor variables, these variables were treated as uncor-
related in models.

To test whether spatial autocorrelation was affecting model
results, we calculated Moran’s I values from residuals of models
and the geographic coordinates of study sites (Bjørnstad et al.
1999). Moran’s I significance was determined through the use of
a permutation test with 1,000 permutations. Tests of spatial auto-
correlation indicated no signs of spatial autocorrelation for all
tested models (Moran’s I mean = �0.024, P > 0.05 for distance
classes up to 4.35 km). We thus concluded that spatial processes
were not significantly influencing our results.

To assess the degree to which habitat fragmentation and
selective logging influence ant community composition, we per-
formed 1000 nonmetric multidimensional scaling analyses
(NMDS) based on Bray-Curtis dissimilarity (Faith et al. 1987) to
maximize the likelihood of model convergence and reduce mini-
mum stress values. NMDS is an ordination technique which rep-
resents a multidimensional distance matrix in reduced-dimension
space. Here, the distance matrix being displayed is that of com-
munity dissimilarity among sites, as described above. We then
took the output with the lowest stress value and fit and tested
the environmental predictor variables: habitat fragment size,
recent intensity of selective logging and past intensity of selective
logging, in combination and alone, on the ordination by perform-
ing 10,000 permutations of a permutational multivariate analysis
of variance (PERMANOVA) test, implemented in the adonis func-
tion of the R package vegan, using distance measures to determine
significance (Clarke 1993). Significant values would suggest that
sites support significantly different ant communities.

Nestedness analyses were used to determine the degree to
which communities with lower species richness contained a
nested subset of those species found in more species-rich sites.
We tested for community nestedness of species occurrence using
the checkerboard approach, a commonly used metric of commu-
nity nestedness based on a ‘checkerboard’ of 2 9 2 community
submatrices (see Stone & Roberts 1990). The significance of nest-
edness was then tested using a null model approach—the ‘qua-
siswap’ method (Mikl�os & Podani 2004). This method involves
randomly filling matrices (N = 100) whilst honoring row and col-
umn totals, and performing quasiswaps on 2 9 2 submatrices.
We chose to preserve marginal totals by not allowing the produc-
tion of values greater >1 during swapping, as this considerably
reduces the chance of type I error and increases the conservative-
ness of the model (Mikl�os & Podani 2004).

RESULTS

A total of 70,711 ant specimens from 240 pitfall traps and 120
Winkler bags were processed and identified to 106 species from
31 genera and 7 subfamilies (see Table S2—Online Supplemen-
tary Material for list of all species identified in the study). Due to
the sampling methodology, the vast majority of species yielded in
this study were ground and/or leaf litter ants, whereas arboreal
and strictly subterranean ants were seldom collected. Most of the
ants sampled live in relatively small colonies, nest in leaf litter,
rotten sticks or logs or in the soil, and forage in or above the leaf
litter stratum (F. Hita Garcia & G. Fischer, pers. obs.). A few
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species such as some Pheidole Westwood, Tetramorium Mayr, or the
army ants of the genus Dorylus Fabricius are very abundant and
may be ecologically dominant, but this remains somewhat specu-
lative. On the basis of preliminary stable isotope analyses, it
appears that most species have a predominantly predatory diet
(S.R.P-J. Ross, pers. obs.).

The highest observed species richness (S = 63) and total
abundance (N = 356) were observed in the main forest Salazar
site, which has the lowest overall past + recent logging intensity
(see Table 1), whilst the lowest observed species richness
(S = 47) and total abundance (N = 187) were recorded in the
smallest forest fragment, Kaimosi, which has the second highest
overall logging intensity, driven entirely by recent logging within
the 25 yr prior to our study. Kaimosi also had the lowest
recorded richness (S = 42) and total abundance (N = 177) of
forest specialist species, but only ten individuals of five species
made up the remaining ant diversity at this site. Open habitat
specialists were much less common across all sites, and where
present were often found as singletons or at very low abundance
(see Table S2—Online Supplementary Material).

Spearman’s rank correlations found no significant correla-
tions between any combinations of predictor variable. That is,
habitat fragment size was not correlated with either recent inten-
sity of selective logging (Spearman’s q12 = �0.28, P = 0.38) or
past selective logging intensity (Spearman’s q12 = �0.09,
P = 0.77), and past and recent intensities of selective logging
were also suitably independent of each other in models (Spear-
man’s q12 = �0.21, P = 0.52). When modeling environmental
variables against biodiversity measures, we found that most biodi-
versity measures were best explained by recent selective logging
intensity alone (see Table 2). The minimum-adequate model
selected by AICc only included recent selective logging intensity

as a predictor variable to explain observed species richness of all
species (GLM: L.Ratio = 8.84, P < 0.005), the species richness
of forest specialists (GLM: L.Ratio = 8.43, P < 0.005; Fig. 1B),
as well as the total abundance of all species (GLM:
L.Ratio = 4.99, P = 0.025) and the abundance of forest special-
ists (GLM: L.Ratio = 6.27, P < 0.005; Fig. 1D). Habitat fragment
size alone predicted the expected richness of all species in our
study (GLM: L.Ratio = 7.5, P = 0.006). Conversely, there were
no significant effects of our tested environmental variables on the
richness (GLM: L.Ratio = 1.27, P = 0.26; Fig. 1A, B) or abun-
dance (GLM: L.Ratio = 0.86, P = 0.35; Fig. 1C, D) of open
habitat specialist ant species.

COMMUNITY COMPOSITION.—The permutational multivariate analy-
sis of variance using distance measures (PERMANOVA)
employed to discern the degree to which our environmental vari-
ables explained any observed differences in ant community com-
position found no significant results when testing environmental
variables in isolation. There was no significant effect of forest
fragment size on community composition based on this method
(PERMANOVA: F = 0.803, P = 0.675) and little separation
between intact and fragmented forest communities when visual-
ized in reduced dimension space based on NMDS analysis (see
Fig. 2). It should be noted that with a relatively low stress value
of 0.14, we can be confident that the observed ordination was a
fair representation of the community dissimilarity matrix. Simi-
larly, we found no significant influence of the past extent of
selective logging (PERMANOVA: F = 1.09, P = 0.373) or the
recent extent of selective logging on community composition
(PERMANOVA: F = 1.3, P = 0.206; see point sizes in Fig. 2).
The observed (albeit marginal) differences in community compo-
sition were however significantly explained more clearly by an

TABLE 2. Relationships between environmental predictors and biodiversity variables. The minimum adequate model (MAM) when testing the effects of three environmental variables

(habitat fragment size, recent logging intensity and past logging intensity) on biodiversity values is given. MAMs were identified based on AICc values via stepwise removal of

nonsignificant terms from the full three-way interactive model and Likelihood ratio tests were used to assess the significance of dropped terms. In all cases, MAMs had d AICc

values of 0, and we did not identify any closely competing models (i.e. those with d AICc < 2). Results show L Ratio values when removing significant terms from the model.

MAM and P values are given for significant models only; nonsignificant results are marked with ‘N.S.’ Significance level is represented with * (P < 0.05), ** (P < 0.01)

and *** (P < 0.005). Sample level represents the subsample of the data used: all species = the biodiversity of all species in the study, forest specialists = only those species

found primarily in forests and open habitat specialists = those species found primarily in agriculture or open habitats (identified as part of a larger study, see above). Fragment

size represents the size in hectares of the forest fragment in which each site was situated (see Peters et al. 2009). Recent logging intensity represents the number of trees logged/

ha in the 25 yr immediately prior to our study. All environmental variables were log10 transformed for use in models.

Sample level Biodiversity measure

Minimum adequate

model term(s) Minimum adequate model significance

All species Observed species richness Recent Logging Intensity L.Ratio = 8.84, P < 0.005***

Expected species richness Habitat Fragment Size L.Ratio = 7.50, P = 0.006**

Total species abundance Recent Logging Intensity L.Ratio = 4.99, P = 0.026*

Forest specialists Observed species richness Recent Logging Intensity L.Ratio = 8.43, P < 0.005***

Total species abundance Recent Logging Intensity L.Ratio = 6.27, P = 0.012*

Open habitat specialists Observed species richness None N.S.

Total species abundance None N.S.
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interactive model incorporating both historic logging activity
(>25 yr prior to our study) and habitat fragment size (PERMA-
NOVA: F = 2.23, P = 0.017; Fig. 2), suggesting that multiple
stressors may be interacting to shape ant community composition
in minor ways, despite these stressors not interacting to influence
ant taxonomic diversity. Our nestedness analysis based on
quasiswapping submatrices of 100 null models revealed possible
evidence for nestedness of our communities (Nestedness Test100:
C-score = 2.564, P = 0.069). This would suggest that the species
poor communities in our study are indeed likely to be a nested
subset of those found in sites with higher taxonomic richness,
which clarifies our finding that community composition largely
did not differ among sites.

DISCUSSION

This study compares ant communities and patterns of habitat
fragmentation and historic and recent selective logging in Kaka-
mega forest, western Kenya. Studies often address similar ques-
tions for taxa in Southeast Asia (see for example Ewers et al.
2015, Edwards et al. 2017) but less frequently assess the impacts
of global change in the African tropics (but see Peters et al. 2008,
Schleuning et al. 2011), and rarely do studies investigate the com-
bined effect of both habitat fragmentation and degradation on
biodiversity as possible multiple stressors (Barlow et al. 2016). We
found that various components of ant taxonomic diversity were
lower in recently logged areas, and that this effect outweighed

FIGURE 1. (A) Relationship between species richness and the intensity of past selective logging across each of 12 sites. (B) Relationship between species richness

and the intensity of recent selective logging across each of 12 sites. (C) Relationship between observed ant abundance and the intensity of past selective logging

across each of 12 sites. (D) Relationship between observed ant abundance and the intensity of recent selective logging across each of 12 sites. In all panels, point

size represents the untransformed habitat fragment size in hectares. Trend lines are linear trend lines highlighting significant results based on the minimum ade-

quate model for each biodiversity measure (see above). The intensity of past logging is measured as the number of trees logged/ha over 25 yr before the start of

this study, whereas intensity of recent logging is the number of trees logged/ha within the 25 yr prior to the start of this study. In all cases, letters correspond to

site IDs (see Table 1) and logging intensities (x-axis values) are log10 transformed; see Table 1 for raw values of past and recent logging intensity.
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that of habitat fragmentation and any legacy effects of past log-
ging activity, except in the case of expected richness. Critically, we
found that more intensive recent selective logging was related to
communities with lower abundance and diversity of ants—partic-
ularly in the case of forest specialists—but that there were no dif-
ferences among open habitat specialist ants under different
disturbance regimes (Table 2, Fig. 1).

With logging pressure increasingly threatening natural forest
ecosystems globally, unraveling the impacts of selective logging
and habitat fragmentation on biodiversity is more important than
ever before (Asner et al. 2005). Our study adds to the growing
body of literature evidencing a negative effect of selective logging
on taxonomic diversity and abundance in the understudied tropi-
cal region of East Africa (Peters et al. 2008, 2011, Schleuning
et al. 2011). We found that ant communities in sites with a higher
extent of selective logging had lower taxonomic diversity in most
cases. Specifically, these communities had lower observed species
richness and abundance of all species in our study, as well as
lower observed richness and abundance of the forest specialists
identified here. These findings align well with similar studies on
selective logging and diversity of ants (e.g., Peters et al. 2011,
Edwards et al. 2012), mammals (e.g., Heydon & Bulloh 1997,
Chapman et al. 2000) and birds (e.g., Peters et al. 2008, Edwards
et al. 2013) across Africa, South America and Southeast Asia (see
also Gibson et al. 2011, Newbold et al. 2015). Interestingly, how-
ever, we found no relationship between selective logging and
habitat fragmentation on the richness or abundance of open habi-
tat specialist ants in our samples. In accordance with a range of
empirical work, this points to a high sensitivity of forest

specialists to even moderate forms of habitat degradation (see
Thiollay 1999, Farwig et al. 2008, Edwards et al. 2013, Morante-
Filho et al. 2016). Ultimately, this suggests that in degraded for-
ests, habitat generalists or invading open habitat specialists cannot
compensate for a loss of forest specialists.

Since both habitat fragmentation and selective logging alone
have been shown to impact biodiversity in a range of systems, it
could be expected a priori that in systems where selective logging
and habitat fragmentation both occur, these pressures combine to
further influence biodiversity (Laurance & Useche 2009). We
found little evidence that ant community diversity was shaped
additively or interactively by selective logging and habitat frag-
mentation (see also Vanderwoude et al. 2000). We did not reveal
an influence of habitat fragmentation in this system, with many
species—including forest habitat specialists—occurring in even
the smallest of these forest fragments. This is perhaps unsurpris-
ing because even the smallest fragments of this study were still
quite large (>65 ha), i.e., considerably larger than the smallest size
classes tested in most other studies finding negative effects of
habitat fragmentation on insects (see for example Nichols et al.
2007).

Our finding that the marginal differences among communi-
ties in their composition were best explained by an interaction
between historic logging intensity and habitat fragment size is
perhaps unsurprising considering that many studies report a
strong negative effect of forest fragmentation on habitat special-
ists (e.g., Farwig et al. 2008, Edwards et al. 2013). Yet community
composition did not differ significantly among the main forest
and forest fragments (Fig. 2). Indeed, we largely found no differ-
ence in community composition even among sites with differing
species richness. This is because the species-poor sites within
Kakamega were likely composed of a nested subset of those spe-
cies from sites with higher ant diversity, suggesting that any
effects of disturbance on ant communities in Kakamega occur by
limiting the persistence of species already present in the commu-
nity, rather than through changes to community composition.
The fact that our main forest patch communities did not differ
significantly in community composition to our forest fragments
contrasts previous work finding that environmental filtering
results in forest specialists being systematically replaced by more
open habitat species, with studies often reporting permanent
changes to community composition following logging (e.g., Vas-
concelos et al. 2000, Gunawardene et al. 2010). Nonetheless, we
found that the diversity and abundance of forest specialists were
more likely to be related to habitat degradation than open habitat
specialists, a finding supported by past studies on the vulnerability
of forest specialists (Farwig et al. 2008, Morante-Filho et al. 2016,
see also Miranda et al. 2017).

Our study is limited by its size; with 12 transects, we cannot
exclude the possibility that several extreme values may be driving
observed patterns of biodiversity. Yet, when testing the effect of
recent logging with the six most extreme abundance values
removed, we still revealed a significant relationship between
recent logging activity and total species abundance (results not
shown), suggesting that extreme values are likely not the main

FIGURE 2. Nonmetric multidimensional scaling ordination plot

(stress = 0.141) of ant community composition across 12 study sites based on

Bray-Curtis dissimilarities. Polygons are fit around all six communities in the

main, unfragmented forest habitats (dark grey polygon) and the six frag-

mented habitats of varying fragment size (light grey polygon, see Table 1 for

details). Data point size indicates the recent intensity of selective logging based

on the log-transformed number of trees logged/ha in the last 25 yr, such that

larger data points represent greater past logging pressure (see legend for

details).
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drivers of the patterns observed here. Our categorization of habi-
tat specialism also leaves a few widely distributed habitat general-
ist species explicitly unaccounted for (N = 4), except for within
‘total’ species richness and abundance. Further, our communities
contained many fewer open habitat specialists than forest special-
ists, potentially reducing our ability to detect differences among
open habitat specialists. Although these groups of species are few
in number, they may still contribute significantly to the overall
biomass and in turn to the functioning of this community (Til-
man et al. 2006). Though we test patterns of ant diversity among
sites that differ in their histories of habitat fragmentation and
selective logging intensity, other human activity is inherently more
difficult to measure (e.g., small-scale firewood removal), so the
degree to which these activities differ between sites and in turn
may influence biodiversity remains unclear (Schleuning et al.
2011).

The contribution of historic and recent logging activity to
biodiversity may not be easy to disentangle, as selective logging
can lead to positive legacy effects (Azevedo-Ramos et al. 2006),
whereas recent logging activity is likely to detrimentally reorganize
ecological communities (Ewers et al. 2015). Although our data
appear to show a slight and nonsignificant positive relationship
between taxonomic richness and historic logging intensity (Fig. 1)
and an interactive effect of historic logging intensity and habitat
fragment size on community composition (Fig. 2), we believe that
the effects of recent and current logging activity may overshadow
potential legacy effects in this system. Yet, determining the effect
of habitat degradation on communities is inherently difficult with-
out pre-disturbance data. For systems such as Kakamega forest
which have undergone much historic disturbance, we can only
indirectly infer that current patterns of diversity have been shaped
by land use change. This may be a widespread issue, with many
areas of the world having long histories of disturbance (Morris
2010, Laurance et al. 2014). Studies such as ours may thus con-
tribute to our understanding of disturbance regimes by compar-
ing communities under different current and historic levels of
disturbance.

Studies often detail changes in community composition but
not in richness or abundance in response to selective logging (e.g.,
Vasconcelos et al. 2000), highlighting the novelty of our findings.
Further, our results may have implications for ecosystem func-
tioning since ants are important and functionally diverse compo-
nents of the tropical rain forest food webs (Hoffmann &
Andersen 2003, Andersen & Majer 2004). We did not empirically
measure the contribution of ant groups to ecosystem functioning,
so we cannot directly infer that our findings have knock-on
impacts on ecosystem functioning. However, it seems likely that
if recent logging activity is shaping abiotic conditions and ecologi-
cal community structure—at least of ants—then some aspect of
ecosystem functioning may be compromised either now or in
future with the continued degradation of these habitats (Naeem
et al. 1994, but see Edwards et al. 2013).

In conclusion, our study supports much past empirical work
by documenting differences in biodiversity among sites of varying
selective logging intensities (Peters et al. 2008, 2011, Schleuning

et al. 2011, Edwards et al. 2013, Barlow et al. 2016). We revealed
a differential relationship between recent selective logging inten-
sity and forest versus open habitat specialists, with the abundance
and richness of forest ants declining with increasing recent log-
ging intensity, Yet, this is likely not the whole picture. For conser-
vation practices to more efficiently maximize biodiversity
protection in East Africa, we must consider not only the impacts
of selective logging and habitat fragmentation on biodiversity, but
also the impact of other anthropogenic land-uses, as agricultural
areas continue to expand and replace natural habitats (Laurance
et al. 2014, Kuppler et al. 2015, Newbold et al. 2015). Addition-
ally, to better understand how well these ecosystems are function-
ing under mounting anthropogenic pressure, we should turn our
attention to the functional component of biodiversity which has
the potential to reveal patterns of biodiversity that cannot be
gleaned from taxonomic diversity alone (McGill et al. 2006, Hille-
brand et al. 2018). However, where this information is not avail-
able, studies like ours that assess patterns of taxonomic diversity
under global change should continue to be of value for conserva-
tion management.
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Table S2. Species list with habitat affinity data (see main text).
Data are based on a large sampling effort from across the kaka-
mega region: forest specialists were found primarily (almost
exclusively) within Kakamega forest; open habitat specialists were
found primarily in the surrounding agricultural land; and habitat
generalists did not appear to have a clear preferenc for either
habitat based on occurrence data.
FIGURE S1. Map of the study site.
FIGURE S2. GLM model residuals for minimum adequate

models.
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